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Four waste simulants, representative of Plutonium Contaminated Materials (PCMs) at the Sellaﬁeld site,
were vitriﬁed through additions of Ground Granulated Blast-furnace Slag (GGBS). Ce (as a Pu surrogate)
was effectively partitioned into the slag product, enriched in an amorphous CaO–Fe2O3–Al2O3–SiO2 phase
when other crystalline phases were also present. Ce L3 edge XANES data demonstrated Ce to be present as
trivalent species in the slag fraction, irrespective of the waste type. Estimated volume reductions of ca.
80–95% were demonstrated, against a baseline of uncompacted 200 L PCM waste drums. The dissolution
behaviour of PCM slag wasteforms was investigated at 50 C in saturated Ca(OH)2 solution under N2
atmosphere, to simulate the hyperalkaline anoxic environment of a cementitious UK Geological Disposal
Facility for Intermediate Level Waste (ILW). These experiments demonstrated the performance of the slag
wasteforms to be comparable to that of other vitriﬁed ILW materials considered potentially suitable for
geological disposal.
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1. Introduction
1.1. Background
A signiﬁcant proportion of the UK higher activity radioactive
waste inventory comprises Plutonium Contaminated Material
(PCM), the untreated packaged volume of such wastes is projected
to be in excess of 20,000 m3 on the Sellaﬁeld site alone [1]. PCM
wastes are generally packaged in PVC bags and stored in 200 L
drums. The current treatment option for thesewastes is super-com-
paction of the 200 L drums,with the resulting pucks stacked in 500 L
containers and encapsulated with a cement grout. This approach is
effective for the bulk of PCMwaste arisings, however, there exists a
signiﬁcant quantity of non-compactablewastewhich requires addi-
tional treatment. Ideally, the selected treatment method for non-
compactable PCM wastes should seek to immobilise long-lived Pu
isotopes, which are radiotoxic and potentially mobile in the subsur-
face, within a passively safe material prior to interim storage and
disposal [2]. There is growing interest in the use of thermal pro-
cesses, such as vitriﬁcation, to treat PCMmaterials and other Inter-
mediate Level Wastes (ILW1) which are incompatible with cement
encapsulation [3–12]. Key drivers for the application of thermal treat-
ment processes include the reduced volume, improved passive safety,
and superior long term stability, of the vitriﬁed wasteform products.
These beneﬁts are derived from oxidation of the metallic waste frac-
tion, destruction of organic components, and evaporation of entrained
water, combined with simultaneous immobilisation of radioactive
and chemotoxic elementswithin a glass or slag (i.e. a partially crystal-
lised glass) material; a separate metal phase may also be produced,
which may assist in scavenging less electropositive (and potentially
volatile) metals, such as Tc and Ru, if present. The objective is gener-
ally to achieve a product of low porosity, with the desired partitioning
of radioactive and chemotoxic elements between glass and ceramic
phases, and a homogeneous distribution of radionuclide host phases
over the volume of the product wasteform. A review of the develop-
ment and application of thermal treatment technologies to higher
activity wastes in the UK, including potential technology platforms,
was recently published by Hyatt and James [12]. In this contribution
we demonstrate that simulant UK PCMwastes can be effectively trea-
ted by vitriﬁcationusing additions of ground granulated blast-furnace
slag (itself a waste product of steel manufacture).
1.2. PCM waste simulants
Four distinct PCM waste simulants were used in this study: PVC
waste; metallic waste; masonry waste; and mixed waste (compris-
ing all three aforementioned components). These four simulants
represent bounding cases for PCM wastes arising on the Sellaﬁeld
site. PCM wastes are contained in 200 L sealed mild steel drums,
each weighing 20 kg and packed with 25–80 kg of PCM [2], see
Fig. 1. The desired approach is to treat each drum in its entirety,
using a commonmethodology, without repackaging of the content.
Therefore, all waste simulants contain a signiﬁcant mild steel com-
ponent representative of the containment drum. The compositions
of the four PCM waste simulants are given in Table 1, the compo-
sitions of the individual waste stream components are given in
Table 2.
1.3. Plutonium content and choice of surrogate
The upper PuO2 content of the PCM wastes is estimated to be
230 g Pu per 80 kg drum, equivalent to 0.32 wt% PuO2 [2]. Since
this study was concerned with demonstration of the proposed ap-
proach, CeO2 was used as a surrogate for PuO2, on grounds of
safety, cost and expediency. We acknowledge that such a simulant
cannot fully reproduce the physical and chemical behaviour of an-
other element. However, Ce is amongst the most useful and repre-
sentative inactive Pu simulants, albeit with limitations including
different redox potentials [13,14]. Nevertheless, the solubility of
trivalent Ce and Pu was found to be broadly similar in (boro)sili-
cate glass compositions at temperature >1400 C, relevant to the
process conditions of this investigation [14]. The upper estimated
PuO2 content of PCM wastes is the molar equivalent of 0.207 wt%
CeO2. In the present study, we elected to use ca. ﬁve times the
amount of CeO2 surrogate, allowing for both conservatism in the
approach (effectively representing the highest conceivable PuO2
content) and to assist detection and quantiﬁcation by analytical
methods (particularly XRF and SEM/EDS). Thus, all melts were
doped with 1.043 wt% CeO2 as a PuO2 surrogate.
1.4. Wasteform and process formulation
From consideration of the four PCM waste types in Table 1, and
the objective of treating all waste types using a single methodol-
ogy, it was considered that the high metal content required a
mixed metal and oxide slag wasteform, since complete oxidation
of the reactive metal waste fraction was unrealistic in the absence
of an oxidising gas sparge. The presence of an oxide slag phase dur-
ing processing was considered essential, in order to accommodate
Pu/Ce which are largely insoluble in steels [15–17]. To maximise
volume reduction, and assist partitioning of Pu/Ce into the slag
fraction, both metal and slag phases were required to be fully mol-
ten during processing. The temperature-limiting factor in this
requirement was the need to ensure that all steel components
were fully molten during processing. The Fe–C phase diagram,
the Fe–Cr–C phase diagram, and modiﬁed Ni-bearing versions
thereof, all show that the liquidus temperature, Tliq, varies from
ca. 1548 C for pure Fe to ca. 1150 C at 4.3 wt% C, increasing with
further increase in C content [18–21]. The effects of Cr and Ni upon
these upper and lower values of Tliq are generally small by compar-
ison. Therefore, we selected 1560 C as the target melting temper-
ature, which was indeed sufﬁcient to melt the steel components.
1.5. Slag wasteform fraction
In the case of PVC and metal wastes, no oxide or ‘‘slagging’’
materials were themselves available in the waste materials to
Fig. 1. Storage of 200 L drums of PCM waste at the Sellaﬁeld site, UK.
1 The term ILW is used in the UK to describe those higher activity wastes (4GBq a-
activity or 12 GBq b,c-activity, per tonne) that are not sufﬁciently heat generating for
this to be taken into account in the design of storage or disposal facilities.
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immobilise the Pu/Ce surrogate inventory. Since a primary require-
ment was that all waste types should be treated using the same
methodology, it was necessary to deﬁne a suitable oxide ‘‘slagging’’
additive and the proportion of additive to waste feed. The molten
slag and metal fractions are required to be in equilibrium during
the vitriﬁcation process, therefore, we selected Ground Granulated
Blast-furnace Slag (GGBS) as the additive. GGBS is essentially a
CaO–Al2O3–SiO2 glass, produced as waste product from steel mak-
ing [22,23]. GGBS is a low cost and commercially-available mate-
rial, typically >99% amorphous by volume. Glasses in the CaO–
Al2O3–SiO2 system, have capacity for substantial incorporation of
other elements present in the PCM wastes, particularly FeOx (up
to ca. 40 wt%) and PuO2 (up to ca. 20 wt%), and are known to exhi-
bit high chemical durability [24–26]. Furthermore, GGBS could be
expected to be compatible with the aluminosilicate and calcium
aluminosilicate building wastes present in the masonry and mixed
PCM waste types, allowing all four waste types to be treated with
the same additive. Initial scoping experiments conﬁrmed the suit-
ability of using GGBS as an additive, with a 1:1 ratio of waste to
additive by weight. In an effort to minimise the amount of additive
used, and hence maximise waste loading potential, a 3:1 ratio of
waste to additive was used for the research reported here.
1.6. Metallic wasteform fraction
The metallic PCM waste components, given in Tables 1 and 2,
suggest that this fraction of the vitriﬁed PCMwastes should consist
predominantly of a carbon steel, except in the case of metal waste
feed, for which a high Ni Cr steel incorporating trace Al, Pb and Cu
could be expected. No additions to improve performance or capa-
bility of the metal wasteform fraction were considered necessary
(for example, additions of Zr in an effort to incorporate Pu in inter-
metallics as noted by Keiser and Abraham [16,17]), since the aim
was to effectively partition Pu/Ce into the slag fraction. This could
potentially allow the metallic fraction to be disposed of as LLW, lic-
enced waste, or even reused, thus drastically reducing the volume
of higher activity waste requiring storage or disposal, leading to
substantial life cycle cost savings. It should be noted, however, that
in operando tapping of liquid slag and metal, to achieve separation
of these components, has not yet been routinely demonstrated
using currently available thermal treatment technologies. Post
process separation of slag and metal components would not be
desirable, since the primary aim of the thermal treatment process
is to produce a packaged product suitable for interim storage and
disposal.
2. Experimental procedures
2.1. Simulant PCM waste preparation
The four bounding PCM wastes, given in Table 1, were simu-
lated using the most appropriate materials and geometries. ‘‘Mock
up’’ PCM drums were assembled using the following components:
PCM drums were simulated using mild steel paint cans and lids
(Fenton Packaging Ltd.); PVC bags were replicated using identical
PVC sheeting (Romar Workwear Ltd.); the metallic waste was sim-
ulated using commercial grade 18/8 stainless steel, aluminium and
copper (Avus Metals & Plastics Ltd.), and lead shot (Aldrich); the
inorganic waste was simulated using waste Pyrex labware, crushed
masonry, concrete and window glass; CeO2 (from Acros Organics,
>99.9%; dried 15 h at 600 C) was used as a PuO2 surrogate. Com-
mercially available ground, granulated blast-furnace slag ‘‘Calu-
mite’’ was used as an additive [27]. The analysed chemical
composition is given in Table 3. Calumite is a powdered material,
with a typical particle size distribution between limits of ca. 40
to ca. 400 lm.
PCM waste simulants and additives were weighed according to
the formulations shown in Table 4 (weight fractions of composite
items are given in Table 2). As-prepared simulants are shown in
Fig. 2. Can lids were pierced to allow PVC combustion and gas
egress early in the thermal cycle, thereby avoiding potentially dan-
gerous explosive releases. Waste cans were crushed slightly at the
can base to allow good ingress into the containment crucible
(Fig. 2e). The required quantity of GGBS was added down the sides
and on top of each sealed PCM simulant can as shown in Fig. 2.
2.2. Thermal processing
Samples were melted using a waste to GGBS additive ratio of
3:1 in alumina crucibles. However, initial scoping studies indicated
Table 1
Representative inactive PCM waste simulants (laboratory Pyrex-type borosilicate glass assumed).
Waste type PVC waste Metal waste Masonry waste Mixed waste
Description Drum and PVC Drum, PVC, and metal Drum, PVC and masonry Drum, PVC, metal, and masonry waste
Mild steel (wt%) 44.44 20.00 30.00 30.00
PVC (wt%) 55.56 10.00 10.00 10.00
Metal items (wt%) 0 70.00 0 15.00
Masonry waste (wt%) 0 0 60.00 40.00
Glass (wt%) 0 0 0 5.00
Total 100.00 100.00 100.00 100.00
Table 2
List of individual PCM waste components.
PCM waste component Constituent Weight %
Metal items 18/8 Stainless steel 95.494
Aluminium 0.990
Copper 0.495
Lead 1.979
Masonry waste Masonry, crushed 94.009
Window glass 4.948
PuO2 CeO2 surrogate 1.043
Table 3
Composition of Calumite Ground Granulated Blast-fur-
nace Slag (GGBS).
Component Weight %
SiO2 35.7
Al2O3 13.2
Na2O 0.2
K2O 0.4
MgO 8.8
CaO 39.7
Fe2O3 0.3
MnO 0.5
TiO2 0.5
SO3 0.8
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the metal waste feed to be incompatible with alumina crucibles,
due to prohibitive corrosion, and ‘‘Salamander’’ Plumbago cruci-
bles, formed from a clay/graphite composite, were preferred (sup-
plied by Morgan Ceramics). Crucibles, containing simulant waste
and additive, were placed in an electric mufﬂe furnace and heated
overnight at 2 C/min to 1100 C for 8 h; crucibles were subse-
quently transferred to a gas-ﬁred furnace, which had been pre-
heated to 1100 ± 25 C, then ramped to 1560 ± 10 C over a
period of 90 min. The preheat step was necessitated by the require-
ment to avoid thermal shock of the alumina crucibles. Temperature
measurements were veriﬁed using an optical pyrometer through-
out the melting procedure. Crucibles were held at 1560 ± 10 C
for a total of 2.5 h, then removed from the furnace and allowed
to cool in air. During the transfer of the preheated metal waste cru-
cible, from the electric mufﬂe furnace to the gas-ﬁred furnace, it
was noted that a small but signiﬁcant amount of the slag phase
had ‘‘foamed over’’ the top of the crucible likely due to partial oxi-
dation of the clay/graphite crucible component (see Section 3.1).
2.3. Characterisation
2.3.1. Density measurements
The density of the each slag fraction was determined using He
gas pycnometry on powdered materials in the size fraction
between mesh sizes 100 (0.149 mm) and 200 (0.074 mm). An
AccuPyc 1340 II pycnometer was used with 200 purges of the
chamber, 50 cycles, an equilibration rate of 0.005 psi min1 at
25 C in a 1 cm3 chamber and a ﬁll pressure of 12.5 psi. The esti-
mated precision was ±0.01 g cm3. The density of each metal frac-
tion was determined using the Archimedes method in deionised
water. Three separate measurements were averaged in each case.
The estimated precision was ±0.02 g cm3.
2.3.2. Chemical analyses
Chemical analyses were performed by X-ray ﬂuorescence (XRF)
spectroscopy and Inductively Coupled Plasma Optical Emission
Spectroscopy (ICP–OES); the chloride content in slag and metal
Table 4
PCM simulants (actual weights used).
Weight (g) PVC waste Metal waste Masonry waste Mixed waste
Mild steel 40.05 40.16 40.19 40.28
Metal items 0 144.08 0 20.63
Masonry waste 0 0 81.84 54.68
Glass (Pyrex) 0 0 0 6.84
PVC sheeting 51.20 20.52 13.65 13.7
CeO2 0.963 2.1376 1.4247 1.4256
Sub-total 92.21 206.90 137.10 137.56
GGBS additive 30.70 68.98 45.78 45.87
Total weight 122.93 275.88 182.88 183.43
Fig. 2. Showing simulant PCM drummock ups (a) PVC waste, (b) metal waste, (c) masonry waste, (d) mixed waste, (e) mock ups in alumina crucibles, and (f) addition of GGBS
to assembled mock up.
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products was determined by a standard addition method using
samples dissolved in a mixture of hot HNO3 and HBF4. ICP–OES
analysis of Ce content at 100–1000 ppm was associated with a rel-
ative uncertainty of 5% based on analysis of uniform reference
materials. At 10–100 ppm of Ce, the relative uncertainty increased
to 20%, and below 10 ppm the relative uncertainty was 30%. Errors
associated with XRF analyses are given in the relevant tables.
2.3.3. Scanning electron microscopy with energy-dispersive X-ray
spectroscopy
Scanning electron microscopy (SEM) with energy-dispersive X-
ray spectroscopy (EDS) and Secondary Electron Imaging (SEI) and/
or Backscattered Electron Imaging (BEI) was carried out primarily
with a JEOL JSM6400 SEM and Oxford Instruments EDS. Specimens
were prepared by mounting representative samples in epoxy resin,
curing, grinding using successive grit SiC papers to 1200 grit, and
polishing using diamond paste to 1 lm grade. Specimens were car-
bon coated prior to SEM analysis.
2.3.4. X-ray diffraction
X-ray diffraction was performed on powdered (<75 lm) sam-
ples of glass and pieces of metal, using a Siemens D5000 goniom-
eter with Co K radiation and a diffracted beam monochromator.
Analyses of the resulting diffraction patterns were performed using
the WinXPoW software package.
2.3.5. Dissolution in simulated hyperalkaline conditions of a Geological
Disposal Facility
Dissolution experiments were based on a modiﬁcation of ASTM
C1285-02 (2008) Product Consistency Test (PCT) Test Method B
[28], for a full description of the methodology the reader is referred
to the work of Utton et al. [11]. The slag wasteform fractions were
prepared by grinding in a Tema mill, the fraction between mesh
sizes 100 (0.149 mm) and 200 (0.074 mm) was collected, washed
in ASTM Type I water and isopropanol (using an ultrasonic bath),
and dried overnight at 90 C. The test was carried out in triplicate
for each sample and a blank (in duplicate) was carried throughout
the procedure. Experiments were carried out under dry nitrogen
and all solutions were made in de-aerated ASTM Type I water at
50 C, to avoid carbonation and precipitation of calcium carbonate.
The wasteform samples were weighed into the HDPE vessels and
saturated calcium hydroxide solution was added (to simulate the
hyperalkaline conditions of a UK cementitious Geological Disposal
Facility (GDF)). The ratio of slag wasteform surface area to solution
volume (SA/V) was 1200 m1. The mean particle diameter was as-
sumed to be 112 lm [28], and the number of particles was calcu-
lated from pycnometry density measurements. In an effort to
maintain saturation of the calcium hydroxide solution, an ultraﬁl-
tration unit ﬁlled with calcium hydroxide slurry, was suspended in
the solution. The vessels were sealed and placed in an oven at
50 C. The solutions were sampled after 3, 7, 14, 21 and 28 days
and the vessels were returned to the oven after sampling. Aliquots
were withdrawn from each vessel and passed through a 0.2 lm
syringe ﬁlter to remove particulates. The solutions were then acid-
iﬁed with concentrated nitric acid (10 ll per ml). The total amount
of solution removed was less than 10% of the original volume. The
leachate was analysed by ICP Mass Spectroscopy, except for Na and
K which were determined by Atomic Emission Spectroscopy.
2.3.6. Ce L3 edge X-ray Absorption Spectroscopy (XAS)
Ce L3 edge XAS data from all slag fractions, plus CeO2, and CePO4
(with the monazite structure) were acquired on beamline X23A2 of
the National Synchrotron Light Source (NSLS), Brookhaven Na-
tional Laboratory (BNL), USA. This beamline is conﬁgured with a
piezo-feedback stabilised Si (311) upwards reﬂecting monochro-
mator and single bounce harmonic rejection mirror. Data for
CeO2 and CePO4 were acquired in transmission mode using ﬁnely
ground specimens dispersed in BN to achieve a thickness of one
absorption length. For the slag fraction specimens, data were
acquired in ﬂuorescence mode. Incident and transmitted beam
intensities were measured using ionization chambers operated in
a stable region of their I/V curve ﬁlled with mixtures of He and
Ar or N2. Fluorescence emission was detected using a four channel
Si-drift detector, with appropriate dead time correction as de-
scribed previously [29]. Data reduction and analysis was per-
formed using the program Athena [30].
3. Results
3.1. Melting behaviour and appearance
The observed melting behaviour generally showed that the last
items to melt were, as expected, the steel components. No violent
reactions were observed between the waste simulants and glass
additive. However, the alumina and clay/graphite crucibles suf-
fered obvious corrosion during melting. In the case of samples
melted in alumina crucibles, this resulted in the slag fraction of
the wasteform having a content of Al2O3 greater than the nominal
composition (see Section 3.2). In the case of samples melted in the
clay/graphite crucibles, both slag and metal fractions were found
to contain carbon derived from crucible corrosion (see Section 3.4).
In addition, the clay/graphite crucibles exhibited signiﬁcant weight
loss due to oxidation at high temperature. Sample appearances
varied considerably as a function of the PCM waste type, as shown
in Fig. 3. A substantial metallic wasteform fraction resulted for the
vitriﬁed metal waste type, whereas only a small metal component
was obtained in the mixed waste type. In contrast, the vitriﬁed PVC
and masonry waste types appeared to be composed only of slag
material with no appreciable fraction of metallic component. The
slag derived from the metal waste feed exhibited little obvious tex-
turing or visible crystallinity. In contrast, the slag fraction derived
from the masonry waste consisted of an upper glassy layer and a
lower crystalline layer, and the slag fractions derived from the
PVC and mixed wastes were, respectively, partially and strongly
crystalline throughout.
3.2. Composition of slag and metallic wasteform fractions
The XRF determined compositions of major elements in the slag
and metallic wasteform fractions are reported in Tables 5 and 6,
respectively, together with Ce determined by ICP–OES. Ce was
determined to be effectively partitioned to the slag fraction, as ex-
pected. The overriding difference in slag fraction composition is the
Fe2O3 content of the ﬁnal oxide fraction of the wasteform; this is
apparently dominated by the type of crucible used and therefore
by the degree of oxidation available to the (waste plus additive)
mixtures during the thermal treatment process. The higher Fe2O3
content in the slag fraction of the PVC waste, compared to that de-
rived from masonry and mixed waste types, is a consequence of
the proportionately higher mild steel component. The slag result-
ing from the metal waste type, melted in a clay/graphite crucible,
has a very low Fe2O3 content consistent with partitioning of Fe into
the substantial metal fraction under reducing conditions. Chemical
analysis determined no measurable retention of Cl within the slag
fraction of the wasteforms. It was therefore concluded that all Cl
present in the PVC was volatilised by the high temperature treat-
ment. Analyses of the metallic fractions were consistent with the
composition of the wastes from which they originated.
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3.3. Densities of optimised PCM wasteforms
Table 7 reports the measured densities of the slag and (where
formed) metallic fractions of the PCM wasteforms. The densities
of the measured metallic fractions are consistent with the compo-
sitions of steels and high iron alloys [31].
3.4. Phase analysis and microstructure
3.4.1. PVC waste
The slag fraction was found to be composed of a CaO–Fe2O3–
Al2O3–SiO2 glass, plus crystalline Ca2(Mg2Fe4)(Al4Si2)O20 (dorrite),
(Mg,Fe)(Cr,Fe,Al)2O4 (spinel), and at least one other unidentiﬁed
phase; see Figs. 4 and 5. EDS analyses showed Ce (measured as
Ce2O3) to be concentrated primarily in the glass phase (4.04 wt%)
compared to the crystalline phases (0.43 wt%).
3.4.2. Metal waste
The slag fraction of this sample was found to be largely com-
posed of a CaO–Fe2O3–Al2O3–SiO2 glass, with small inclusions of
graphite (resulting from crucible corrosion) and Fe (with trace Ni
and Cr); see Figs. 6 and 7 (note: the volume fraction of the metallic
inclusions was below the detection limit of X-ray diffraction). SEM
and EDS mapping showed the metallic fraction to be composed of a
major Fe bearing phase containing Si and Ni, a minor Fe and Cr
bearing phase, and trace amounts of and C (derived from crucible
corrosion), see Fig. 8. EDS analysis demonstrated Ce to be concen-
trated exclusively within the glass phase, within detection limits.
Fig. 3. Showing vitriﬁed simulant PCM drum mock ups (a) PVC waste, (b) metal waste, (c) masonry waste, and (d) mixed waste, the glass (G) and crystalline (C) components
of the slag fraction, and metallic fraction (M) are labelled.
Table 5
Composition of slag wasteform components determined by XRF, except Ce determined by ICP–OES; measured Cl content <100 ppm.
Component (wt%) PVC waste Metal waste Masonry waste Mixed waste
Na2O 0.13 ± 0.02 0.38 ± 0.03 0.39 ± 0.03 0.41 ± 0.05
MgO 2.15 ± 0.09 4.28 ± 0.12 2.17 ± 0.09 2.03 ± 0.09
Al2O3 21.22 ± 0.26 16.53 ± 0.24 18.7 ± 0.26 16.77 ± 0.24
SiO2 14.8 ± 0.23 52.45 ± 0.44 37.94 ± 0.38 34.46 ± 0.35
P2O5 0.47 ± 0.05 <0.05 0.20 ± 0.03 0.18 ± 0.03
K2O 0.08 ± 0.02 0.41 ± 0.05 0.36 ± 0.03 0.15 ± 0.03
CaO 16.28 ± 0.24 18.26 ± 0.26 12.1 ± 0.24 13.73 ± 0.23
TiO2 0.24 ± 0.03 0.87 ± 0.06 0.27 ± 0.03 0.20 ± 0.03
Mn3O4 0.32 ± 0.03 1.62 ± 0.08 0.24 ± 0.03 0.46 ± 0.05
Cr2O3 0.07 ± 0.02 1.68 ± 0.08 0.05 ± 0.02 2.09 ± 0.09
Fe2O3 41.51 ± 0.39 1.32 ± 0.06 26.88 ± 0.31 28.10 ± 0.32
ZrO2 <0.05 <0.05 0.32 ± 0.03 0.39 ± 0.03
ZnO <0.05 <0.05 <0.05 <0.05
BaO 1.06 ± 0.06 0.92 ± 0.06 0.48 ± 0.05 0.54 ± 0.05
SrO <0.05 0.05 ± 0.02 <0.05 <0.05
CuO 0.01 ± 0.02 0.03 ± 0.02 0.03 ± 0.02 0.09 ± 0.02
PbO <0.005 <0.005 <0.005 0.02 ± 0.02
Ce2O3 1.53 ± 0.06 1.36 ± 0.06 0.67 ± 0.03 0.78 ± 0.03
SUM 99.56 ± 0.60 98.53 ± 0.60 100.55 ± 0.60 99.94 ± 0.60
N.C. Hyatt et al. / Journal of Nuclear Materials 444 (2014) 186–199 191
3.4.3. Masonry waste
Powder XRD and SEM/EDS demonstrated the slag fraction to be
composed of a CaO–Fe2O3–Al2O3–SiO2 glass and a crystalline
(Mg,Fe)(Cr,Fe,Al)2O4 (spinel) phase; see Figs. 9 and 10. The XRD
reﬂections of the spinel phase exhibited noticeable broadening
consistent with the small (<1 lm) particle size evident in the
SEM images. EDS analyses showed Ce (measured as Ce2O3) to be
concentrated primarily in the glass phase (0.90 wt%) compared to
the crystalline phases (0.21 wt%).
3.4.4. Mixed waste
The slag fraction of this sample was found to be a CaO–Fe2O3–
Al2O3–SiO2 glass, plus crystalline Ca(Mg,Al)(Si,Al)2O6 (diopside),
(Mg,Fe)(Cr,Fe,Al)2O4 (spinel), and at least one other unidentiﬁed
phase; see Figs. 11 and 12. Again, the XRD reﬂections of the spinel
phase exhibited noticeable broadening consistent with the small
(<1 lm) particle size evident in the SEM images. SEM and EDS
mapping showed the metallic fraction to be composed of a major
Fe bearing phase with minor Ni and Cr, the glass/metal interface
was deﬁned by a chromium oxide phase; see Fig. 13. EDS analyses
showed Ce to be concentrated exclusively in the glass phase, no Ce
was found in the metallic fraction within detection limits.
3.5. Dissolution in simulated hyperalkaline conditions of a
cementitious Geological Disposal Facility
The average pH of the blank and all test solutions was found to
be constant at 12.2 ± 0.1 units over the duration of the dissolution
experiments, demonstrating the solution pH to be effectively buf-
fered over the test period. Fig. 14 shows the concentration of Ca
in the blank and test solutions, as a function of time. Within preci-
sion, the concentration of Ca in the blank solution remained effec-
tively constant at 0.8 ± 0.1 g L1 over the 28 day test period. In all
test solutions, however, the Ca concentration showed a smooth
decrease with time, reaching 0.4 ± 0.1 g L1 after 28 days. The
effectively constant Ca concentration in the blank solution is con-
sistent with the exclusion of CO2 under the anoxic conditions of
the experiment, which would otherwise lead to carbonation and
precipitation of CaCO3. Consequently, the depletion of Ca from
solution in the case of the test experiments implies the precipita-
tion of Ca bearing secondary alteration phases at a rate which ex-
ceeds the diffusion of Ca into solution from the ﬁlter unit. A similar
depletion of Ca in solution was reported from experiments on
other simulant ILW glasses under similar conditions by Utton
et al. [11].
Table 6
Composition of metal wasteform components determined by XRF in wt%; except Ce
determined by ICP–OES.
Component (wt%) Metal waste Mixed waste
Al 0.05 ± 0.02 0.11 ± 0.02
Si 1.95 ± 0.09 0.23 ± 0.05
Ti <0.05 <0.05
V 0.06 ± 0.02 <0.05
Cr 10.42 ± 0.20 3.08 ± 0.11
Mn 0.43 ± 0.05 <0.05
Fe 74.68 80.62
Co 0.18 ± 0.03 0.26 ± 0.03
Ni 7.76 ± 0.17 11.12 ± 0.20
Nb <0.05 <0.05
Mo 1.52 ± 0.08 2.45 ± 0.09
Sn 0.06 ± 0.02 0.09 ± 0.02
W 0.09 ± 0.02 0.13 ± 0.03
Cu 0.64 ± 0.05 0.45 ± 0.05
Pb <0.001 0.013 ± 0.02
Ce 0.014 ± 0.003 0.019 ± 0.004
SUM 97.85 ± 0.60 98.57 ± 0.60
Table 7
Archimedes and pycnometry densities of optimised PCM wasteforms.
Sample Density (g cm3)
PVC waste: slag fraction 3.76 ± 0.01
Metal waste: slag fraction 2.80 ± 0.01
Masonry: slag fraction 3.16 ± 0.01
Mixed waste: slag fraction 3.35 ± 0.01
Metal waste: metal fraction 7.55 ± 0.02
Mixed waste: metal fraction 7.03 ± 0.02
Fig. 4. BSE image and EDS maps showing microstructure of slag produced by vitriﬁcation of PVC waste type and partitioning of key elements between crystalline and glass
components; crystalline spinel (S) and dorrite (D) phases are highlighted – see Fig. 5.
Fig. 5. X-ray powder diffraction pattern showing identiﬁed reﬂections correspond-
ing to dorrite Ca2(Mg2Fe4)(Al4Si2)O20 (ﬁlled circles) and spinel (Mg,Fe)(Cr,Fe,Al)2O4
(open circles) phases, together with diffuse scattering corresponding to the
presence of an amorphous component, in the slag produced by vitriﬁcation of
PVC waste type. Unlabelled reﬂections correspond to unidentiﬁed phase(s).
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The compositions of PCM slag simulants did not contain any
signiﬁcant quantity of boron or lithium, which are normally used
as a soluble marker of glass dissolution since these elements do
not generally participate in the precipitation of secondary alter-
ation products. Therefore, the normalised mass loss of Na and K,
shown in Fig. 15, were considered as a marker for slag dissolution.
The normalised mass loss of Na and K was similar for the slag
materials derived from vitriﬁcation of the mixed, masonry and me-
tal wastes, as shown in Fig. 15. Measured values of NLNa and NLK
were observed to increase rapidly over the ﬁrst 14 days of the
experiment; thereafter, NLNa and NLK increased more slowly and
appeared essentially constant after 28 days. However, experiments
of longer duration are required to conﬁrm this conclusion. The nor-
malised mass loss of Si was also similar for the slag materials de-
rived from vitriﬁcation of the mixed, masonry and metal wastes,
as shown in Fig. 15. Within precision, the measured NLSi values
were unchanged over the 28 day test period, however, as shown
in Fig. 15, a gradual upward trend in NLSi was apparent over the
course of the experiments. The concentration of Si in test solutions
after 28 days was 0.07–0.15 mg L1, signiﬁcantly below, but
approaching, the estimated silica saturation limit under the condi-
tions of the experiment (ca. 0.3 mg L1, estimated using PHREEQC
[32]). These observations suggest that the apparent steady state
conditions are controlled both by the formation of a calcium sili-
cate phase (depleting Ca from solution) and the approach to silica
saturation.
The normalised mass loss of Na, K and Si for the slag material
derived from vitriﬁcation of the PVC waste, was evidently greater
than that from that of the other slag materials, as shown in
Fig. 15. The rate of normalised mass loss of Na and Si decreased
rapidly after the ﬁrst 14 days of the experiment, suggesting the ap-
proach to pseudo steady state conditions. The concentration of Si in
Fig. 6. BSE image and EDS data showing microstructure and composition of slag fraction (with metallic inclusions) produced by vitriﬁcation of metal waste type; top EDS
spectrum corresponds to grey matrix phase, bottom EDS spectrum corresponds to bright spherical inclusions.
Fig. 7. X-ray powder diffraction pattern showing identiﬁed reﬂections correspond-
ing to graphite (ﬁlled circles), together with diffuse scattering corresponding to the
presence of an amorphous component, in the slag fraction produced by vitriﬁcation
of metal waste type.
Fig. 8. BSE image and EDS maps showing microstructure of metal fraction produced by vitriﬁcation of metal type waste and partitioning of key elements.
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solution at 28 days was close to the estimated saturation limit,
suggesting that the observed decrease in the rate of glass dissolu-
tion is due to the approach to silica saturation.
In summary, the PVC derived slag was apparently less durable
than the other slag materials, under the test conditions applied.
The durability of the slag materials derived from mixed, masonry
and metal wastes, increased in this order, but were broadly similar.
The concentration of Ce in solution was below or close to the
detection limit over the 28 day test period and did not exceed
0.4 lg L1, consistent with the low solubility of trivalent lantha-
nides at high pH, as discussed in Section 4.3.
3.6. Determination of Ce oxidation state by Ce L3 edge XAS
X-ray Absorption Spectroscopy has been shown to be a power-
ful tool for the investigation of element speciation and local
co-ordination in (boro)silicate glasses for radioactive waste immo-
bilisation [33–35]. Fig. 16 shows the Ce L3 edge X-ray Absorption
Near Edge Structure (XANES) of the slag fractions, together with
Fig. 9. BSE image and EDSmaps showing microstructure of slag fraction produced by vitriﬁcation of masonry waste type and partitioning of key elements between crystalline
and glass components.
Fig. 10. X-ray powder diffraction pattern showing identiﬁed reﬂections corre-
sponding to two distinct (Mg,Fe)(Cr,Fe,Al)2O4 (spinel) phases (highlighted by closed
and open circles), together with diffuse scattering corresponding to the presence of
an amorphous component, in the slag produced by vitriﬁcation of masonry waste
type.
Fig. 11. BSE image and EDS maps showing microstructure of the slag fraction produced by vitriﬁcation of mixed waste type and partitioning of key elements.
Fig. 12. X-ray powder diffraction pattern showing identiﬁed reﬂections corre-
sponding to diopside Ca(Mg,Al)(Si,Al)2O6 (open circles) and spinel
(Mg,Fe)(Cr,Fe,Al)2O4 phase (ﬁlled circles), together with diffuse scattering corre-
sponding to the presence of an amorphous component, in the slag produced by
vitriﬁcation of mixed waste type. Unlabelled reﬂections correspond to unidentiﬁed
phase(s).
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the data acquired for CeO2 and CePO4 (monazite) standards. The Ce
LIII edge XANES of Ce3+ (e.g. CePO4) is characterised by a white line
comprising a single intense feature attributed to the transition
from an initial 2p64f15d0 state to a 2p54f15d1 ﬁnal state, modiﬁed
by local density of unoccupied states. In contrast, the Ce L3 edge
XANES of Ce4+ (e.g. CeO2) is characterised by a white line compris-
ing two features of lower relative intensity. Following the notation
convention employed by Bianconi et al. [36], the consensus is that
these two features, labelled A and B in Fig. 16, are due to transition
from an initial 2p64f05d0 state to: (a) the 2p54f05d1 ﬁnal state; and
(b) the 2p54f15d1L1 ﬁnal state (where Ln denotes a ligand hole)
[36–40]. Other more subtle features are also observed. Feature C
is considered to be associated with transition to a 2p54f25d1L2 ﬁnal
state, whereas the weak feature D is assigned to quadrupole tran-
sitions [37–40]. The XANES spectra shown in Fig. 16 permit
straightforward ﬁngerprinting of Ce oxidation state. From compar-
ison of the spectra it is apparent that the XANES data of slag
fraction closely resemble that of CePO4, demonstrating that Ce3+
is the dominant species. From consideration of our measurement
resolution (0.1 eV) in comparison with the edge shift associated
with Ce3+ and Ce4+ oxidation states (1.6 eV), we estimate the
detection limit of Ce4+ in our measurements to be 6%.
4. Discussion
4.1. Cerium partitioning
Cerium partitioning within the wasteformmay be considered in
terms of two key partitioning ratios:
 Ce (slag fraction):Ce (metallic fraction)
 Ce (amorphous slag fraction):Ce (crystalline slag fraction/s)
No relic or precipitated Ce, Ce2O3 or CeO2 were detected in any
sample following vitriﬁcation, indicating that it was dissolved fully
within the wasteform. ICP–OES analyses of the slag and metallic
fractions (where formed), conﬁrmed that Ce was overwhelmingly
incorporated in the slag fraction. The ICP–OES method has the
higher accuracy for total Ce, so these analyses are considered for
partitioning between slag and metallic fractions. For partitioning
between glass and crystalline components of the slag fraction, spa-
tially resolved EDS analyses were used. It should be noted that the
interaction volume of electrons with the sample, coupled with
other sources of error, leads to signiﬁcant uncertainties in the de-
rived partitioning ratios within the slag component, which should
therefore be considered only indicative at low concentration.
4.1.1. Partitioning of cerium between the oxide and metallic fractions
Cerium contents (as elemental Ce) of the slag fractions were in
the range 0.67–1.16 wt% whilst the metallic fractions contained
0.007–0.019 wt% (Tables 5 and 6). The slag to metal partitioning
ratios, based on Ce ICP–OES analyses, were calculated as summa-
rised in Table 8 and show that at least 97% of the analysed Ce
was partitioned into the slag phase.
Although the proportion of Ce partitioned into the metal frac-
tion is small, it is not negligible. Assuming similar Pu distributions,
the partitioning achieved would not be sufﬁcient to permit dis-
posal of the metal waste fraction as low level waste (LLW). Never-
theless, the partitioning ratios obtained are encouraging and could
potentially be optimised by extended high temperature reaction to
assist Pu transfer from the metal to slag phase, and by judicious
adjustment of the proportion of additive to waste and processing
conditions. Furthermore, the above calculations may be taken as
conservative if we consider the possibility that small amounts of
slag fraction may have been occluded in, or otherwise contami-
nated, the metal samples analysed. This seems entirely plausible,
given that clean separation of oxide and metallic components
was neither attempted nor achievable with certainty. The mea-
sured Ce content of the metallic fraction could be accounted for en-
tirely, if this material contained approximately 1 wt% of the slag
material.
4.1.2. Partitioning of cerium within the oxide fraction
The slag fractions derived from the PVC, masonry and mixed
waste types all exhibited a signiﬁcant crystalline component. Ce
partitioning between the amorphous and crystalline phases was
found to be dependent on the nature and quantity of the crystalline
phase(s) present. The slag derived from vitriﬁcation of PVC waste
Fig. 13. BSE image and EDS maps showing microstructural interface between slag and metal fractions produced by vitriﬁcation of mixed waste type and partitioning of key
elements.
Fig. 14. Ca concentration in solutions of dissolution and blank experiments as a
function of time.
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exhibited a substantial crystalline component; consequently, the
amorphous phase was enriched to ca. 4.0 wt% Ce2O3, but the
accompanying dorrite and spinel phases incorporated low or trace
levels of Ce2O3, ca. 1.0 and 0.2 wt%, respectively. The slag materials
derived from vitriﬁcation of masonry and mixed wastes exhibited
considerably smaller crystalline component, the amorphous phase
contained ca. 1.2 wt% Ce2O3 with little or no detectable level of Ce
in the accompanying crystalline phases. No crystalline phases were
detected within the slag fraction derived from vitriﬁcation of the
metal waste type. The dissolved Ce appeared to be homogeneously
distributed throughout the amorphous matrix and no concentra-
tion gradients or cerium ‘‘hot spots’’ were apparent in EDS maps.
The upper analysed Ce2O3 content of 4.0 wt%, within the amor-
phous phase derived from the PVC waste, is equivalent to a Ce2O3
concentration of approximately 1.2 mol%. The solubility of Ce2O3
and Pu2O3 in (boro)silicate glasses has been shown to be broadly
similar, with an upper limit of ca. 2 mol% at 1450 C [14,41–43].
Therefore, it is considered feasible that the slag component of the
wasteforms developed here could incorporate Pu at the concentra-
tions expected. The solubility of trivalent Ce and Pu in silicate
glasses is known to be signiﬁcantly higher than that of tetravalent
Ce and Pu, particularly above 1100 C. Therefore, it may be under-
stood that the strongly reducing conditions achieved in PCM vitri-
ﬁcation effectively assist in the partitioning of Ce within the glass
phase of the slag wasteform.
4.2. Dissolution behaviour in a simulated hyperalkaline GDF
environment
The objectives of the preliminary dissolution experiments
undertaken in this study were:
Fig. 15. Normalised mass loss of selected elements as a function of time in dissolution experiments: (a) K, (b) Na, (c) Si, and (d) Ce.
Fig. 16. Ce L3 edge XANES data from CeO2 (Ce4+ standard), CePO4 (Ce3+ standard
with the monazite structure), and slag fractions from vitriﬁcation of simulant PCM
wastes; comparison of the position of the absorption edge and XANES features
demonstrates the presence of Ce3+ in the slag materials.
Table 8
Optimised sample cerium partitioning calculations based on ICP analyses.
Sample Analysed Ce
in slag (wt%)
Analysed Ce
in metal (wt%)
Proportion of Ce analysed
in slag phase (%)
Metal waste 1.16 ± 0.058 0.014 ± 0.0028 99
Mixed waste 0.67 ± 0.034 0.019 ± 0.0038 97
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 To investigate compatibility with the hyperalkaline conditions
expected in a cementitious UK GDF.
 To identify signiﬁcant differences in the dissolution behaviour
of the slag wasteforms in relation to their chemical composition
in relation to the waste type.
 To compare the relative performance of the slag products with
other vitriﬁed ILW products considered potentially suitable for
geological disposal.
The data reported here are consistent with the conclusions of a
recently published study of model and full scale simulant ILW glass
dissolution in saturated Ca(OH)2 solution at 30–90 C [9,11]. The
observed depletion of Ca from solution has been shown to be asso-
ciated with the formation of calcium silicate hydrate (CSH) phases,
resulting from reaction between the hydrated glass surface and
dissolved Ca [10,11,44]. This CSH phase has been shown act as a
passivating layer at pH 8.7, reducing the rate of glass dissolution
[44]. Although Ca was depleted from test solutions, the hyperalka-
line pH, key to minimising the solubility of long lived actinides in
the cementitious GDF concept [45], was maintained over the dura-
tion of the experiments, as discussed below.
The slag materials derived from metal, masonry and mixed
wastes were found to be considerably more durable, compared to
that derived from PVC waste, based on the normalised mass loss
of Na, K and Si. In comparison to the other slag materials, the lower
durability of PVC derived slag can be attributed to the low SiO2
fraction in the glass as shown in Table 5 (due to the correspond-
ingly high Fe2O3 content, as discussed in Section 3.1). Glass dura-
bility generally increases with increasing SiO2 content in silicate
glasses, as a consequence of the increasing ratio of bridging to
non-bridging oxygens, leading to increased glass network poly-
merisation and reduced interconnectivity of alkali channels which
permit exchange of cations between leachate solution and glass
[46]. Likewise, the durability of the slag materials derived from
mixed, masonry and metal wastes, increased in this order with
increasing SiO2 content, from 34 to 52 wt%, as shown in Table 5.
The initial and residual dissolution rates based on the norma-
lised release of Na (measured over the ﬁrst and ﬁnal 7 days of
the experiment, respectively) were 0.05 g m2 d1 and
0.002 g m2 d1 for the slags derived from metal, masonry and
mixed wastes. These dissolution rates are comparable with the
previously reported for simulant inactive UK ILW glasses, with
initial and residual dissolution rates of 0.02–0.04 g m2 d1 and
0.003–0.005 g m2 d1, respectively (based on NLNa under similar
conditions) [10,11]. The initial dissolution rate of the slag derived
from PVC waste was markedly higher, ca. 0.2 g m2 d1, as a conse-
quence of the lower SiO2 content of this glass. However, the resid-
ual rate of 0.01 g m2 d1 is comparable with that of other model
and simulant full scale inactive UK ILW glasses.
Although Ca was depleted from test solutions, the hyperalkaline
pH, key to minimising the solubility of long lived actinides in the
cementitious GDF concept, was maintained over the duration of
the experiments. Consequently, the measured Ce concentration
in test solutions was generally below or close to the detection limit
in test solutions up to 21 days and did not exceed 0.4 lg L1. Given
the trivalent speciation of Ce relevant to this study, our ﬁndings are
consistent with the reported solubilities of trivalent Pu, Am, Nd, Sm
and La, which are lower than 0.5 lg L1 at pH > 9 under inert (CO2
free) atmospheres at 50–60 C [47]. Ewart et al. and Berry et al.
studied the solubility of several actinides in a cementitious near-
ﬁeld environment using saturated Ca(OH)2 solutions under CO2
free conditions [48,49]. Concentrations in solution of Pu4+ and
Am3+, the most relevant to this study, were reported to be below
0.02 lg L1 at pH 12.
The corrosion behaviour of the metallic fractions of the PCM
wasteforms was not investigated in this study, since the aim was
to partition Ce, as the Pu surrogate, into the slag component (as
was demonstrably achieved). However, a brief consideration is
warranted as our results indicate that a small inventory of Pu
may reside in the metallic fraction following thermal treatment.
A detailed European study of metallic materials in GDF conditions
by Kursten et al. [50] concluded that the current best estimates for
corrosion rates of carbon steel in alkaline media are of the order of
<0.12 lm y1 at 30 C, and <1 lm y1 at 80 C. If Pu is assumed to
partition identically to Ce, this would translate to an estimated
upper available Pu release inventory of 4  104 g m2 d1.
In summary, it may be concluded that the slag materials pro-
duced from vitriﬁcation of the bounding PCM waste types consid-
ered, are broadly comparable, in terms of durability, to other
simulant UK ILW glass products considered potentially suitable
for geological disposal [10–12]. However, we cannot draw deﬁni-
tive conclusions concerning the compatibility of these wasteforms
with a cementitious GDF concept, at the present time. To do so
would require understanding and modelling of glass dissolution
and solution reaction mechanisms that inﬂuence the pH buffering
capacity of the backﬁll ﬂuid, which is beyond the scope of the cur-
rent study. Depletion of Ca from solution, as a consequence of reac-
tion with the hydrated glass surface to form a calcium silicate
hydrate (CSH) phase, may not necessarily be detrimental to the
overall safety concept, since CSHmaterials are known to effectively
sorb actinides from solution [51]. However, it is reasonable to con-
clude that the high durability of the PCM slags reported in this
study, combined with the low solubility of actinides, under the
hyperalkaline conditions of an ILW GDF, appear promising for
application.
4.3. Volume reduction potential
Volume reduction is a key requisite for treatment of PCM: the
untreated packaged volume on the Sellaﬁeld site alone is projected
to be in excess of 20,000 m3 [1]. The driver for maximum volume
reduction, to minimise interim storage and disposal costs, does
not impose a limit on volume reduction a priori. However, critical-
ity concerns dictate that immobilised PCM requires a minimum le-
vel of dilution to ensure safe dispersion of Pu within the host
matrix. This provides a lower boundary for the volume of vitriﬁed
PCM material. Further considerations of processing and GDF per-
formance may provide additional constraints on volume reduction,
but are out with the consideration of this study.
Relative to the untreated PCM waste, packaged in 200 L drums,
the slags derived from vitriﬁcation of PVC and metal wastes
achieved an estimated volume reduction of 95%, whereas the slags
derived from vitriﬁcation of masonry and mixed wastes achieved
an estimated volume reduction of 80%. These estimates, based on
mass balance calculations, should be considered indicative rather
than deﬁnitive, given the scale of the experiments and hence the
sensitivity to small mass variations arising, for example, from:
residual glass adhered to the crucible walls; corrosion of crucibles;
foaming of glass melts; and, incomplete separation of slag and me-
tal components.
As noted above, criticality considerations dictate lower bound-
aries for vitriﬁed PCM volumes. Projected PuO2 contents of PCM
wastes are expected to have an average value in the region of
33 g Pu per 200 L drum, making an average of 0.165 g/L [52]. Crit-
icality considerations dictate that the maximum allowable concen-
tration of Pu is 60 g/L, and contingencies suggest that ideally a
concentration of <6 g/L is preferable. If we assume that 6 g/L is a
reasonable target for Pu concentration in the slag fraction, with
60 g/L an uppermost limit, it can be shown that, assuming one
200 L drum holds 230 g Pu, we require ca. 38 L of the slag fraction
to accommodate Pu at a concentration of 6 g/L. This decreases to
just 3.8 L of the slag fraction at the uppermost Pu concentration
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limit of 60 g/L. This lower boundary for vitriﬁed waste volume im-
plies a maximum volume reduction factor of 98%. It may therefore
be concluded that a 3:1 ratio of waste to GGBS, by weight, pro-
duces slag wasteform volumes commensurate with the preferred
target concentration of Pu based on criticality considerations.
However, lower waste to GGBS ratios, with a consequent increase
in overall wasteform volume, may be preferable (particularly in the
case of the PVC and metallic waste types), where estimated volume
reduction may achieve Pu concentrations near the upper limit.
4.4. Comment on emissions to off gas system
Estimation of possible Pu release to the off gas system, based on
the results of the vitriﬁcation melts carried out in this study, is
made exceptionally difﬁcult by the inaccuracy of the mass balance
data concerning losses from the melt, especially given the rela-
tively small size of the melts (<200 g) and signiﬁcant crucible
corrosion. Therefore, it is not possible to comment on the potential
Pu release with conﬁdence. Owing to the compositions of the Sel-
laﬁeld PCMwastes being vitriﬁed (Tables 1 and 2; see also Ref. [2]),
the greatest burden on the off-gas system in terms of volume will
be provided by the combustion products of the PVC material. Less
than 100 ppm of Cl were recorded in all samples, so it is likely that
all of the Cl (as HCl) would be lost into the off-gas system. An addi-
tional burden will arise from any water present in the waste; car-
ry-over and evaporation from the (additive + waste) mixtures
being vitriﬁed; and smaller quantities of SOx, NOx and oxides of
carbon. Emission of toxic organic chemicals such as dioxins from
PVC combustion has caused concern in other incineration scenar-
ios, however, based on the available literature, it is considered that
these compounds should be destroyed at the very high treatment
temperatures relevant to this study (>1500 C) [53–58]. Further
detailed study, outside the scope of this work, will be necessary
to fully quantify off-gas burdens.
5. Conclusions
This study demonstrated proof of concept for thermal treat-
ment of PCM wastes, representative of those present on the Sella-
ﬁeld site, by vitriﬁcation with the addition of ground granulated
blast-furnace slag, with a PCM waste to additive ratio of 3:1 by
weight. The nature of the product wasteforms was inﬂuenced by
the type of PCM waste and crucible containment. High metal feeds
necessitated the use of clay/graphite crucibles, imposing a reduc-
ing environment, leading to a combined slag/metal wasteform;
the slag component was thus strongly depleted in Fe2O3. Feeds
with a lower fraction of metal could be processed in alumina cru-
cibles, leading to a slag wasteform for the PVC and masonry
wastes, and a combined slag/metal wasteform for the mixed waste
type (with a higher metal fraction). Overall, the approach devel-
oped here would be compatible with commercially available batch
wise in container and plasma vitriﬁcation technologies, described
elsewhere [3,12,59]. Ce, as Pu surrogate was found to partition
overwhelmingly (>97%) within the slag component, where a metal
component was also present. Within the slag component, Ce was
found to be incorporated primarily within the CaO–Fe2O3–Al2O3–
SiO2 glass phase with trace incorporation in other crystalline
phases. The bulk speciation of Ce was determined to be Ce3+, com-
parable with the known speciation of Pu3+ silicate glasses pro-
duced at high temperature. The upper analysed Ce2O3
concentration in the glass phase (1.2 mol% for the PVC waste)
was well below the reported solubility limit of Ce2O3 and Pu2O3
in (boro)silicate glasses (ca. 2 mol%) processed at comparable tem-
perature. Therefore, it is reasonable to expect that the slag compo-
nent of the wasteforms developed here could incorporate Pu at the
concentrations expected from treatment of PCM wastes. The esti-
mated volume reduction factors of 80–95% demonstrated in this
proof of concept investigation, utilising a 3:1 ratio of PCM waste
to GGBS, by weight, produced slag wasteform volumes commensu-
rate with the estimated maximum desirable volume reduction fac-
tor of 98%, based on criticality considerations (relative to untreated
PCMwaste, packaged in 200 L drums). The dissolution behaviour of
the slag wasteforms in saturated Ca(OH)2 (to simulate the hyperal-
kaline conditions of a cementitious GDF), proved similar to that of
UK ILWwaste glasses considered potentially suitable for geological
disposal. Depletion of Ca from solution was inferred to be the con-
sequence of reaction with the hydrated glass surface to form a cal-
cium silicate hydrate (CSH) phase. The volume reduction and high
durability of the PCM slags reported in this study, combined with
the low solubility of actinides, under the hyperalkaline conditions
of a UK ILW GDF, appear promising for application.
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